Abstract Nebraska's Rainwater Basin has an abundance of natural wetlands and is a focal point in the annual migration corridor used by millions of waterfowl and shorebirds. However, these wetlands are in a landscape dominated by agriculture and as a result, siltation and poor water quality are continual problems. We evaluated twelve wetland sites on federally managed Waterfowl Protection Areas from 2007 -2009 for water quality, sediment quality, and macroinvertebrate diversity. Six of the sites received agricultural runoff directly via culverts and drainage ditches (non-buffered sites) and six sites were protected from agricultural runoff by a vegetated buffer (buffered sites). Mean total number of aquatic macroinvertebrates were significantly greater (p <0.001) for buffered sites (230±44 standard error) than non-buffered sites (97±24). Water from non-buffered sites had significantly greater turbidity, conductivity, and concentrations of chlorophyll α and atrazine than buffered sites in addition to consistently greater annual averages of total nitrogen and total phosphorus. Furthermore, sediments from nonbuffered sites had significantly greater cadmium, potassium, sodium and zinc than buffered sites. Use of vegetative buffers to intercept direct row-crop runoff can improve water quality and aquatic macroinvertebrate diversity and abundance in Rainwater Basin wetlands.
Introduction
Aquatic macroinvertebrates are well represented in most freshwater bodies throughout the world and play a critical role in the structure and function of most aquatic ecosystems, especially wetlands (Mitsch and Gosselink 2000; Williams 2006) . Macroinvertebrates provide essential nutrients (proteins, lipids, and energy) for secondary consumers (e.g. waterfowl, shorebirds, fish, amphibians, and other vertebrate predators) and aid in maintenance of water quality by facilitating organic decomposition and nutrient cycling (Batzer et al. 1999; Davis and Bidwell 2008) . Because of their sensitivity to disturbance, aquatic macroinvertebrate communities are also excellent biological indicators for evaluating health of various wetland ecosystems (Adamus 1996; Resh et al. 1996) .
The central Nebraska Rainwater Basin ( Fig. 1 ) serves as a midway migratory stopover for millions of waterfowl and shorebirds but is also one of the most endangered wetland ecosystems in North America (Schildman and Hurt 1984; Smith 1998) . Five to nine million ducks and several hundred thousand geese stop in the Rainwater Basin annually and as many as 30 species of migrant shorebirds use the region each year, making it one of the most productive bird habitats in the world. However, agricultural development has reduced wetland area in the Rainwater Basin to 10 % of its former 40,500 ha with remaining wetlands subject to siltation, water quality degradation, and altered hydrology from irrigation runoff (LaGrange 2005) .
Wetland degradation and alteration of macroinvertebrate fauna can result from adjacent agricultural land use practices that result in water pollution, sedimentation and altered wetland hydrology (Van Dam et al. 1998; Schulz 2004) . Agricultural chemical exposure within wetlands may harm wildlife directly (e.g. exposure to harmful levels of pesticides or metals) or indirectly (e.g. nutrient related changes in vegetation composition and density). Aquatic invertebrates have been used as bioindicators to test the function of constructed wetlands and wastewater treatment areas (Nelson et al. 2000; Spieles and Mitsch 2000) and the success of wetland restoration efforts (Sewell and Higgins 1991; Hemesath 1991; Davis and Bidwell 2008) , but few studies have evaluated macroinvertebrates in natural wetlands. Within the Prairie Pothole region of South Dakota, Euliss and Mushet (1999) reported that wetlands adjacent to grassland systems had significantly greater richness and abundance of cladoceran eggs, snail shells, and ostracod shells than wetlands adjacent to croplands, but few other studies have used measurements of physicochemistry and macroinvertebrate assemblage structure to assess the health of natural wetlands.
In Nebraska, the U. S Fish and Wildlife Service (Service) Rainwater Basin Wetland Management District (WMD) manages approximately 61 federally owned Waterfowl Production Areas (WPAs) to protect and conserve wetland habitat for wildlife and public use (Service 2007) . Many of these WPAs receive runoff directly from adjacent corn or soybean agricultural fields. Several WPAs also have large concentrated animal feeding operations (CAFOs) within their watersheds (Schwarz et al. 2004) . Runoff from row-crop fields or feedlot areas enters some WPAs directly through drainage ditches and culverts (non-buffered sites), whereas others receive nonpoint source agricultural runoff after it has been buffered by vegetation (buffered sites).
Information regarding pollution in Rainwater Basin wetlands is lacking. Gordon et al. (1997) evaluated contaminants in Rainwater Basin wetlands, including WPA sites, and found concentrations of mercury, copper, lead, iron, and zinc that exceeded water quality criteria, and concluded that high pesticide and fertilizer use in the area may be the cause. More recently Belden et al. (2012) commonly detected atrazine, acetochlor, metolachlor and trifluralin in Rainwater Basin wetland sediments. Although concentrations were below known acute toxicity thresholds, the authors concluded the potential for chronic effects on resident biota was largely unknown. They also concluded from their sediment data that waterborne atrazine concentrations could exceed those found in sediments and could cause intersex frogs (Hayes et al. 2010) . A publication associated with the current study, Papoulias et al. (2012) , found that Plains leopard frog (Lithobates blairi) metamorphs exposed to atrazine and glyphosate at four WPA sites in the Rainwater Basin exhibited ovarian dysgenesis, high rates of testicular oocytes, and female-biased sex ratios. Although there were no clear statistical association between pesticide concentrations and frog biomarkers, timing and duration of exposures were unknown.
Within the Rainwater Basin, Gordon et al. (1990) provided some baseline data on aquatic invertebrate taxonomic richness. More recently, Davis and Bidwell (2008) reported no difference in macroinvertebrate assemblage structure among ponds subject to differing riparian vegetation management techniques (prescribed burning, cattle grazing, disking, and mowing). The authors suggested that surrounding land use practices had a greater influence on macroinvertebrate assemblages than local vegetation management techniques. We are not aware of any studies that have simultaneously compared wetland sediment and water quality with aquatic macroinvertebrate assemblages at sites with and without vegetative buffers to intercept runoff from agricultural fields. Thus, the purpose of the present study was to evaluate aquatic macroinvertebrate communities and pollutant concentrations in samples from buffered and non-buffered WPA sites in the Rainwater Basin.
Materials and Methods

Study Area
The Rainwater Basin encompasses 17 counties across the south-central region of Nebraska (Fig. 1) . Precipitation ranges from 45 cm/year in the west to 60 cm/year in the east (Pederson et al. 1989) , with winter low temperatures averaging −17.8 C and summer highs reaching 37.8 C in summer. Topography of the region is flat to gently rolling loess plains with elevations ranging from 455 m to 758 m above sea level. Rainwater Basin wetlands are playa wetlands of varying size with substrates consisting of silty loam and clay loam soils (Pederson et al. 1989) . These wetlands depend primarily on direct rainfall, surface runoff, and snowmelt (Bishop et al. 2004) . The plant community of the Rainwater Basin includes wet-meadow plants such as sedges (Carex spp.), rushes (Juncus spp.), and spikerush (Eleocharis spp.), moist-soil plants, including smartweeds (Polygonum spp.) and barnyard grass (Echinochloa crusgalli), and emergent plants such as cattail (Typha spp.), bulrushes (Scirpus spp.) and river bulrush (Schoenoplectus fluviatilis) (Bishop et al. 2004) .
Field Sites
This study was conducted on twelve wetland sites, six buffered and six non-buffered, which were chosen among WPAs managed by the Rainwater Basin WMD. Sites were selected based on adjacent land-use, the presence of vegetative buffers, and the likelihood of holding water until August. Buffered sites were Prairie Dog, Real, Massie, Atlanta, Wilkins, and Moger WPAs that had a minimum of 25 m of vegetative buffer (generally the buffer was much larger than 25 m) between surrounding row-crop fields and the water body. Nonbuffered sites were located at Cottonwood, Harvard, Linder, Hultine, Sinninger, and Gleason WPAs at areas that received agricultural runoff directly from adjacent land via drainage culverts or ditches. (Davis and Bidwell 2008) . This technique has also been shown to adequately sample a wide variety of species with few abundant macroinvertebrates absent from resulting collections (Turner and Trexler 1997) .
In 2008 and 2009, multi-plate Hester-Dendy samplers consisting of 8 square layers at 0.3 cm width, two layers at 0.7 cm width, and two layers at 1.6 cm width were also used. Four Hester-Dendy passive samplers were placed on the bottom of each wetland and were sampled bi-weekly. Traps were rinsed and returned into the habitat on the same day. Collected material was preserved in a 50 % ethyl alcohol solution for later identification.
In the laboratory, macroinvertebrates were separated from debris with a Leica 2000 10× dissecting microscope. Organisms were counted and identified to genus when possible. Organisms were identified with keys developed by Douglas (Douglas 2001) and Merritt et al. (2008) . Three voucher specimens of each genus were also collected for reference and deposited in the University of Nebraska at Kearney Biology Department collection.
Water Quality
When macroinvertebrates were sampled, water temperature, dissolved oxygen, conductivity, pH, chlorophyll α, turbidity, nitrogen, phosphorus, and chlorides were also sampled at each wetland site. Temperature and dissolved oxygen were measured using a field YSI model 55 Dissolved Oxygen meter. Conductivity and pH were measured with a Hanna Combo pH & EC 98,129 m. Measurements for dissolved oxygen, pH, conductivity, and temperature were also measured every two weeks at each site by Service staff using an In-Situ® Inc., Troll 9500 water quality multimeter (Service unpublished data 2009). Chlorophyll α was analyzed with an Aquafluor 8000 (Turner Design) . Turbidity, nitrogen, and phosphorus were measured by the University of Nebraska at Kearney using a Hach DR/870 Colorimeter. Water samples were also collected by the Service and tested for total phosphorus, dissolved phosphorus, total nitrogen, and chlorides by Ward Laboratories Inc. Kearney, Nebraska.
Elemental Contaminants
Elements were measured in water and sediment by the Service (Service unpublished data 2009). All samples for elemental contaminant analysis were collected into pre-cleaned certified (PC Class) high density polyethylene plastic containers obtained from Environmental Sampling Supply (http://www. essvial.com/). Water samples were collected for total recoverable analysis and were preserved at a pH near 2 with certified clean nitric acid. Invertebrates for elemental analyses were collected with pole nets separately from community surveys. Sediments were collected with a cleaned stainless steel spoon. All samples were submitted to the Service's Analytical Control Facility (Shepherdstown, WV).
In brief, the analysis of duplicate samples, spiked samples, and standard reference materials generally indicated acceptable levels of precision and accuracy. For elemental contaminants analyses, non-water samples were freeze dried, percent moisture was determined, and results were provided as wet weight (ww) and dry weight (dw) concentrations. For all samples, inductively coupled plasma atomic emission spectrometry was used to determine concentrations of aluminum (Al), boron (B), barium (Ba), beryllium (Be), cadmium (Cd), chromium (Cr), copper (Cu), iron (Fe), magnesium (Mg), manganese (Mn), molybdenum (Mo), nickel (Ni), lead (Pb), potassium (K), sodium (Na), strontium (Sr), vanadium (V), and zinc (Zn). Mercury (Hg) concentrations were determined by cold vapor atomic absorption, and graphite furnace atomic absorption was used to measure arsenic (As), selenium (Se), and small concentrations of Pb and Cd. Detailed descriptions of lab methods including sample preparation, sample digestion, Quality Assurance/Quality Control (QA/QC) results, and detection limits are available upon request (http:// chemistry.fws.gov/).
Herbicide Analysis
Water samples for atrazine and glyphosate analysis were collected in pre-cleaned amber glass containers, immediately cooled on ice and refrigerated until analysis. Atrazine and glyphosate concentrations in water were quantified by Enzyme Linked Immuno Sorbent Assay (ELISA) procedure with kits purchased from Abraxis TM (Warminster, PA, USA) and according to manufacturer's protocols. The assay ranges were 0.05 to 5 micrograms per liter (μg/L) for atrazine and 0.15 to μg/L for glyphosate. Samples that exceeded the upper range were re-run following a 10-fold serial dilution (Service unpublished data 2009).
Statistical Analysis
Data collected for water quality and element concentrations in sediment were analyzed individually under a repeated measures analysis (PROC GLIMMIX, SAS Institute 2012) to test for significant (p<0.05) differences between buffered and non-buffered sites. Water quality parameters included temperature, pH, dissolved oxygen (DO), conductivity, turbidity, total nitrogen, total phosphorus, orthophosphorus, total phosphorus, atrazine, glyphosate, and chlorophyll α. Individual parameters were analyzed using three years of data collection (U.S. Fish and Wildlife Service 2007 , 2008 ) from both buffered and non-buffered conditions. Dry weight concentrations of elemental contaminants including aluminum, arsenic, boron, barium, beryllium, cadmium, chromium, copper, mercury, magnesium, manganese, molybdenum, nickel, selenium, strontium, vanadium and zinc from buffered and non-buffered conditions were compared across 2 years (2008, 2009) .
Sweep sample and Hester-Dendy plate sample data from each site were pooled by sample date and compared independently. The presence of total invertebrates and number of genera in sampled sites were analyzed separately among three years (2007, 2008, and 2009 ) and two conditions (buffered, non-buffered). The comparison of individual invertebrate orders (Diptera, Coleoptera, Hemiptera, Odonata (Anisoptera and Zygoptera), Ephemeroptera and gastropoda) among buffered and non-buffered sites among 3 years was also conducted with repeated measures analysis under split plots.
Results
Biotic Measures
Between April 2007 and July 2009, we collected and identified a total of 37,985 macroinvertebrates representing 69 genera (Table 1) . Sweep sampling collected significantly more genera from buffered locations (p<0.001). Plate sampling with multi-plate Hester-Dendy samplers was significantly less productive than sweep sampling (p<0.001) but results were similar proportionally when comparing mean numbers of specimens and genera between buffered and nonbuffered sites.
The repeated measure ANOVA for all the invertebrate collection over 3 years for 12 different sites with the categories of buffered and non-buffered showed a significant effect of site conditions and years on invertebrate presence (p=0.0117 and p=0.0288 respectively). Invertebrates were found in significantly higher numbers in buffered sites compared to non-buffered sites (p=0.0117). The highest numbers of invertebrates were found in 2009 in buffered sites while the lowest numbers of invertebrates were found in non-buffered sites during 2007 (Table 2) .
Among the seven most abundantly collected macroinvertebrate groups, genera diversity was higher in buffered wetlands for all groups except Hemiptera (Table 3) . Differences were greatest for dragonfly larvae, mayfly larvae, and lunged snails. Among the groups analyzed, the abundance of all taxa except Hemiptera was significantly higher in buffered sites for at least one of the three years (Table 4) . Significantly more Anisoptera and Diptera were collected from buffered sites for all years (Table 4) .
Elements
Mean concentrations of the 21 elements measured in sediments were generally higher on non-buffered sites than buffered sites with non-buffered sites having significantly greater concentrations of cadmium, potassium, sodium and zinc (Table 5) . Arsenic, cadmium, lead, and zinc exceeded sediment quality benchmarks for the protection of aquatic life; however, none of the elements measured in sediment exceeded consensus based probable effect concentrations, above which adverse effects are expected to occur more often than not (MacDonald et al. 2000) ( Table 5 ).
Water Quality
Water from non-buffered sites had significantly greater (p<0.05) turbidity, conductivity, and concentrations of chlorophyll α and atrazine than buffered sites (Table 6 ). Annual mean concentrations of conductivity, chlorophyll α, total phosphorus, orthophosphorus, total nitrogen, turbidity, and atrazine were also consistently greater at non-buffered sites than buffered sites for each year sampled (Table 6 ).
Discussion
The number of macroinvertebrates, and the number of genera were significantly greater in wetlands with buffers (Tables 1 and 2) implying that these wetlands are more productive than non-buffered wetlands. Orders containing aquatic larvae that utilize dissolved oxygen including Odonata, Ephemeroptera, prosobranch Gastropoda, and Coleoptera are widely recognized for their sensitivity to pollution inputs and may be sensitive to both short and long-term changes in water quality (Batzer et al. 1999; Mackie 2004) . In contrast the mean numbers of Hemiptera were not significantly different between buffered and non-buffered wetlands. A lack of significance for Hemiptera may be attributed to their use of atmospheric oxygen at all life stages which may contribute to survival in water of varying quality (Williams 1996; Voshell 2005) .
Other studies of wetlands have found similar results with higher percentages of Hemiptera and Diptera in disturbed and non-buffered sites (Davis and Bidwell 2008) . Among the Diptera, some families and genera, such as Chironomidae and Culicidae have adaptations to also use atmospheric oxygen and are less affected by water quality (Williams 1996; Voshell 2005) . In the present study, samples from non-buffered wetlands rarely contained orders other than Diptera, Hemiptera, Hirudinea (leaches) and the pulmonate snail, Branchiobdellida sp. However, the Diptera contained significantly more genera and specimens in buffered wetlands than in non-buffered wetlands, mainly as a result of the presence of Ceratopogonidae and Chaoboridae, two groups that utilize dissolved oxygen, in buffered wetlands (Table 1) .
The increased nutrients, salts and herbicides detected in water and/or sediments of non-buffered sites likely contribute to the differences we found in aquatic invertebrate assemblages between buffered and non-buffered sites. Others have reported similar associations between increased pollutant concentrations and changes in diversity and abundance of macroinvertebrates (Levy 1998; Euliss and Mushet 1999; Steinman et al. 2003) . Annual average concentrations of total nitrogen were consistently higher on non-buffered sites than buffered sites and lower invertebrate taxa richness has been previously observed in wetlands with higher nitrogen levels (Hentges and Stewart 2010) . Although most of the contaminants from non-buffered sites had concentrations that were below water quality standards or literature established toxicity thresholds, effects to wetland biota from chronic exposure to a mixture of herbicides, salts and nutrients are not well understood. Furthermore, water quality averages may not be as important as acute effects from exposure to peak concentrations Contaminants that exceeded water quality criteria (e.g., atrazine, chromium and zinc) or sediment quality guidelines (e.g. arsenic, cadmium, lead and zinc) may also be directly toxic to invertebrates and responsible for the altered aquatic invertebrate assemblages found on non-buffered sites. In work related to the current study, elements in aquatic invertebrates Bold=exceedence of a sediment quality guideline (CCME 2002)
ND number of samples above detection, NA number analyzed, S.E. standard error a Background (Shacklette et al. 1984) b Background (Buchman 2008) c Canadian sediment quality guideline (CCME 2002) d Threshold effects concentration below which adverse effects are not expected to occur (MacDonald et al. 2000) e Probable Effect Concentration above which adverse effects are expected to occur more often than not (MacDonald et al. 2000) f Recommended soil criteria (Eisler 1989) g Toxicity threshold for adverse effects to some wildlife species (USDOI 1998) *Significantly (p-value<0.05) greater on non-buffered than buffered sites as determined by PROC GLIMMIX (SAS Institute 2012) were also detected at higher concentrations on non-buffered than buffered sites (Service unpublished data 2009). The mean cadmium concentration in aquatic invertebrates from nonbuffered sites was 0.75±0.54 mg per kilogram (mg/kg) dw (n=16) and was significantly greater than from invertebrates collected at non-buffered sites (0.36±0.28 mg/kg dw, n=13). However, the highest concentration of cadmium in aquatic invertebrates (0.46 mg/kg ww, from Gleason) did not exceed a 0.54 mg/kg ww concentration associated with growth reduction in freshwater amphipods (Stanley et al. 2005) . Cadmium is known to bioaccumulate in aquatic biota (Eisler 1985) and the higher concentration of cadmium in aquatic invertebrates from non-buffered sites indicates its bioavailability. Although cadmium did not exceed tissue concentrations associated with decreased growth or mortality of freshwater amphipods in the laboratory (Borgmann et al. 1991; Stanley et al. 2005) , there is still much uncertainty (e.g. species sensitivities, field conditions) surrounding what tissue concentrations of cadmium should be considered harmful. Cattle manure can be a source of cadmium for plants and invertebrates (Putwattana et al. 2010; EPA 2001) and may be an important source of cadmium in the Rainwater Basin playa wetlands. Many of the other elemental contaminants detected at higher concentrations at non-buffered sites than buffered sites are the same as those in livestock manure that are of environmental concern including arsenic, copper, selenium, zinc, cadmium, molybdenum, nickel, lead, iron, manganese, aluminum and boron (EPA 2001) . Arsenic, copper, selenium and zinc are often included in animal feeds to promote growth or as biocides (Sims 1995) . Davis and Bidwell (2008) found that benthic invertebrate richness and diversity may be enhanced in Rainwater Basins wetlands managed with cattle grazing. However, land application of manure or CAFO lagoon effluent as fertilizers on cropland, even at recommended application rates, can result in substantial movement of elemental contaminants along with nitrogen and phosphorous into adjacent wetlands through runoff (Burkholder et al. 2007 ). CAFO's generate high volumes of phosphorus, nitrogen, potassium and sodium and their presence in the watershed of some of our sites (Cottonwood, Sinninger, Harvard and Linder) was likely associated with increased concentrations of these elements in sediments.
In addition to the effects of nutrient inputs to wetlands, pesticides from surrounding lands can cause direct mortality of invertebrates (Grue et al. 1986 ). On non-buffered sites, atrazine concentrations observed in the current study exceeded concentrations known to adversely affect aquatic invertebrates. The annual mean concentration of atrazine was significantly Concentrations of atrazine as low as 0.5 μg/L shifted water flea (Daphnia pulicaria) sex ratios towards males and the abundance of emerging chironomids (Labrundinia pilosella) was significantly reduced when exposed to 20 μg/L atrazine (Dewey 1986 ). In addition to direct effects, atrazine can cause synergistic effects on the toxicity of insecticides to non-target aquatic invertebrates (Jin-Clark et al. 2002; Anderson and Zhu 2004) . Unlike atrazine, glyphosate is used by Rainwater Basin WMD staff to control noxious weeds and this may account for some of the similarity in glyphosate concentrations between buffered and non-buffered sites in 2008 and the rather high concentrations (above 3 μg/L) detected at three buffered sites (Real, Massie and Moger). The highest observed concentrations of glyphosate in wetland water were 15.2 and 8.7 μg/L at Harvard WPA, a site where direct runoff from glyphosate-treated soybean fields was expected to occur. There are no water quality standards for glyphosate, but no sites had concentrations above an interim Canadian guideline of 65 μg/L (CCME 1999).
During the time of sampling, atrazine and glyphosate were likely the most frequently applied herbicides in Nebraska for corn and soybeans, respectively (NASS 2010). The increased presence of pesticides on non-buffered sites, along with the increases in nutrients, salts and select elemental contaminants clearly suggest that runoff from agriculture is contributing to water quality degradation of non-buffered WPA sites. Contaminated sediments and water associated with non-buffered sites coupled with the decreases in aquatic invertebrate diversity and abundance at the same sites may indicate overall habitat degradation for waterfowl and possibly other organisms such as amphibians (Papoulias et al. 2012) .
Riparian buffer zones (vegetated filter strips) are permanently vegetated areas that serve as a buffer between pollutant sources and water bodies (Narumalani et al. 1997 ). This vegetative cover increases hydraulic roughness while decreasing surface flow velocities which limit sediment and nutrient influxes (USDA 1991). Riparian buffer zones have been shown to limit pollution input to water sources (Muscutt et al. 1993; Osborne and Kovacic 1993) with various buffer strip sizes being implemented. This study did not directly test the effects of buffer strip widths on water quality or macroinvertebrate diversity and no trends were noticed during sampling. In addition, the buffer size needed to significantly improve water quality and macroinvertebrate diversity may depend on characteristics of the wetland's watershed such as drainage slope and size rather than being a fixed size. A 24-m grass buffer around an English waterway dramatically reduced pollutants in the water (Haycock and Burt 1991) . Similar buffer widths reduced concentrations of nitrogen and phosphorus entering water bodies as surface runoff from agricultural fields (Peterjohn and Correll 1984) . It appears that the presence of modest vegetative buffers will improve water quality by reducing contamination and thus, assist in protecting wetland invertebrate communities.
This study showed invertebrate numbers and diversity differed between buffered and non-buffered sites. Water quality parameters and contaminant variables appear to have an influence on resident macroinvertebrate communities. Arguably the most alarming result of this study is the lack of representation of many key families of macroinvertebrates in non-buffered sites (Table 1) . When these macroinvertebrates disappear, a breakdown of community composition and therefore biological services can occur (Williams 2006) . Biological services including nutrient cycling are critical to preventing elements such as nitrogen and phosphorus from accumulating in the wetland, further degrading the habitat (Davis and Bidwell 2008) . Future research is needed to better understand the effects of vegetative buffers on ecosystem services. In addition, changes in water quality parameters during peak runoff periods should be examined.
